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OPERATIONALIZING SUSTAINABILITY: MANAGEMENT AND RISK
ASSESSMENT OF LAND-DERIVED NITROGEN LOADS TO ESTUARIES


I. VALIELA, G. TOMASKY, J. HAUXWELL, M. L. COLE, J. CEBRIÁN, AND K. D. KROEGER


Boston University Marine Program, Marine Biological Laboratory, Woods Hole, Massachusetts 02543 USA


Abstract. Sustainable coastal management requires that the goals and means of man-
agement be made operational and specific. We use Waquoit Bay, Massachusetts, as a case
study, to suggest a decision-making process that brings updated scientific results forward
while incorporating stakeholder concerns. Land-derived nitrogen loading is the major agent
of change for receiving estuaries in the Waquoit Bay estuarine complex, so control of
nitrogen loading rates is a principal goal of land management plans. We can establish the
relationships of land use pattern to nitrogen loading rates, and of loading rates to mean
annual concentrations of nitrogen in the estuaries. The latter, in turn, can be related quan-
titatively to mean annual production and biomass of phytoplankton, macroalgae, and eel-
grass. We propose that phytoplankton, macroalgal, and eelgrass production and biomass
are suitable end point measures that can be made meaningful to stakeholders. We define
the relationship of agent of change vs. end point measure, and then have policy makers
and stakeholders decide which critical end point is desirable or acceptable for the selected
end point measures. Thus, science results and stakeholder opinion are merged to establish
management goals. Having chosen a desired critical end point, we can use nitrogen loading
models to assess the degree to which different management options can alter nitrogen
loading rates to levels that meet the agreed-upon management goals. These modeled sim-
ulations will identify the effects on loading rates from each management action and, hence,
permit an assessment of a suite of management actions that can be used to meet the
management goals. These procedures incorporate ecological knowledge with cultural, po-
litical, and economical imperatives and force identification of what is acceptable as an end
result. These strategies furnish one way to design reasonable, and ecologically and socially
sustainable plans for the inevitable use and management of coastal watersheds.


Key words: land-derived nitrogen loads; risk assessment; shallow estuaries; sustainability; Wa-
quoit Bay, Massachusetts.


INTRODUCTION


Human-driven alterations of natural environments
worldwide have changed the nature of environmental
science. These alterations have become so pervasive
that ecologists and environmentalists are increasingly
seeking ways to preserve natural environments even as
we bring increasing pressures on them. Some small
fraction of our land- and waterscapes has been pre-
served in certain protected parcels, but such protection
is likely to be applied to, at best, a small part of the
natural world. The remainder of the surface of the plan-
et, for the foreseeable future, will continue to be ex-
ploited or altered in some fashion by human activities.
The inexorable pressure of exploitation has given rise
to much effort to devise ways to manage resources in
ways conducive to sustained maintenance of the en-
vironments. Thus, ‘‘sustainability’’ has become a per-
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vasive term in the lexicon of professional and lay en-
vironmentalists.


In this paper we first address the applicability of the
idea of sustainability, then deal with one alternative
way to make the concept operational by borrowing
some concepts from risk assessment. We then use re-
sults from ongoing work in Waquoit Bay estuaries to
provide an example of the application of research find-
ings to a management approach that permits stake-
holder choices in management of coastal eutrophica-
tion.


Operationalizing sustainability


Many meetings, conferences, workshops, and man-
ifestos on sustainability proclaim the intent to create
sustainable environments, marine fisheries, research
agendas, and so on (for example, Lubchenco et al.
1991, Levin 1993, Fautin et al. 1995, Christensen et
al. 1996, Bossel 1998, Mooney 1998, among many oth-
ers). There have been criticisms (e.g., Ludwig et al.
1993), and rejoinders to criticisms (forum in Ecological
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TABLE 1. Meanings of ‘‘sustainable’’ management or development, as stated or paraphrased from several sources.


Meanings Sources


‘‘Development that meets the needs of the present without com-
promising the ability of future generations to meet their own
needs.’’


World Commission on Environment and Devel-
opment (1987)


‘‘Management practices that will not degrade the exploited sys-
tem or any adjacent system.’’


Lubchenco et al. (1991)


‘‘Development without throughput growth beyond environmental
carrying capacity and which is socially sustainable.’’


Daly (1992)


‘‘Improvement in the quality of human life within the carrying
capacity of supporting ecosystems.’’


Robinson (1993)


‘‘Ensures health and vitality of human life and culture and of
nature’s capital, for present and future generations.’’


S. Viederman, unpublished manuscript, as cited
in Meffe et al. (1997)


‘‘Human activities guided by acceptance of the intrinsic value of
the natural world, the role of the natural world in human well-
being, and the need for humans to live on the income from
nature’s capital rather than on the capital itself.’’


Meffe et al. (1997)


Applications 3, (4), 1993, edited by S. Levin). The idea
of ‘‘sustainability’’ has therefore furnished a rich feast
of opinion and counterargument.


Sustainability has thus become a widely used term
and concept, and has truly invigorated interest in the
field of ecological applications. Sustainability is, how-
ever, a vague concept. Published definitions of sus-
tainable development or practices (Table 1) are state-
ments of convictions we might share, but are too im-
precise to be the basis for formulations of concrete
plans for action. Sustainability, much like stability, di-
versity, density dependence, trophic levels, and the
niche, is a stimulating concept, but it seems unlikely
to contribute to advancing the field because of its lack
of operational definition (Peters 1991). To make a con-
cept useful in guiding research and informing man-
agement decisions, we need to make terms concrete
and operational (Slobodkin 1993).


Sustainability of human-exploited natural environ-
ments is clearly necessary. To make the concept em-
pirically applicable in developing management prac-
tices, we need to express the idea in an operational
form. It is difficult to identify the elements of sustain-
ability from definitions such as those in Table 1. The
notion seems to involve at least two features: first,
maintenance of yield or stocks within some range of
values, across some time span, and second, avoidance
of degradation of the target resource, or of adjoining
environmental units.


The first feature of sustainability, definition of an
acceptable range of values, and of what ecological fea-
tures, is not easy to achieve. For example, desirable
numbers of elephants per area might be different from
the point of view of a tourist, wildlife manager, or
subsistence farmer. Moreover, what other components
of an ecosystem should we be concerned about? Bac-
teria, ants, flies, beetles, and grasses, as well as the
large charismatic species, are important, not to mention
more abstract notions such as nutrient recycling, spatial


disposition, food webs, and a plethora of other eco-
logical features. Are there ‘‘useless’’ species and ‘‘dis-
pensable’’ processes? We ecologists cannot avoid
thinking of yet another taxon or process that might be
important to sustain uses of landscapes. Most of us in
the discipline would prefer to follow the precautionary
principle, and err on the side of caution, including terms
that capture the complexity of the systems we study.
All these considerations make implementation of sus-
tainable use schemes cumbersome.


It seems unlikely that we can apply the broad prin-
ciples cited in Table 1 to make management policy
decisions about specific environmental issues. At the
very least, different ecological components will be
more important in some systems than others. The sur-
prising and idiosyncratic links between oak acorns,
mice, gypsy moths, and Lyme disease of humans (Jones
et al. 1998) are just one instance of unforeseen and
important, albeit idiosyncratic features that structure
ecosystems. That, after enormous effort, fishery sci-
ence has been largely unable to devise consistently
effective sustained yield practices (a more simple man-
agement goal than sustainable ecosystem uses) for most
fish stocks, even at the single-species level, is telling
(Ludwig et al. 1993). A priori general definitions of
just what we wish to sustain, and to what degree, seem
daunting tasks that limit immediate operational and
practical use of the idea of the concept of ecosystem
sustainability. The Sustainable Biosphere Initiative
(SBI) proposal (Lubchenco et al. 1991) offered a guide
to future research that might eventually provide the
needed ecological information. Unfortunately, given
the pace at which we are altering environments, by the
time the ambitious research program of SBI comes to
fruition, we might have too little to manage in many
environments such as seagrass meadows, salt marshes,
mangroves, and rainforests, not to mention commercial
fish stocks in Georges Bank, arable land in California,
or potable groundwater in Cape Cod.
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The inadequacy of present information and lack of
definition becomes even more problematic when we
turn to the second feature of sustainability, avoidance
of degradation of the target resource and of adjoining
ecosystems. Degradation is a readily understandable
concept that, much like sustainability, is extremely hard
to define. One instance: before 1600, the present site
of the city of Boston was an extensive, rich salt marsh
estuary, in which high productivity was maintained by
nutrients brought into the system by rivers from New
England and tides from Massachusetts Bay offshore.
Control of structure of the benthos was most likely the
result of bioturbation by invertebrates, and disturbance
and predation by fish and crabs. In the intervening cen-
turies, fishing removed shell and finfish, and biotur-
bation by people (by their hauling surrounding hills to
fill the marsh [Valiela and Vince 1976]) altered ba-
thymetry and sediment type. Today the site supports a
dense mix of humans, cats, rats, mice, and cockroaches,
fed by imports of organic matter from greater distances
(corn from the Midwest, Mexican vegetables, fruit and
wine from Chile, Italian cheeses and olives, and so on).
The ecosystem now exports quantities of nutrients and
organic matter to Massachusetts Bay via sewage plant
outfalls and in the Charles River outflow (Alber and
Chan 1994). The point is that there is still a vibrant,
ecologically active ecosystem, with the same suite of
ecological processes working, but with a rather
changed structure. At what point in the sequence could
we objectively say that the environment became ‘‘de-
graded’’? When 1%, or 1.5%, or 25%, or 50% of the
salt marsh habitat disappeared? If Phragmites replaced
Spartina, is that better or worse, and at what percentage
replacement can we say degradation took place? We
can only define degradation if we agree on whether a
certain component is ‘‘better’’ or more pristine, or
worthwhile than others; such a definition is clearly a
value judgment. Objective ecological grounds for the
sort of ecological assessments required by any of the
sustainability schemes are not, in many cases, readily
available. We have to apply value judgments, and peo-
ple from different social and economic backgrounds,
appropriately, will have different opinions, and so will
different ecologists.


Implementing sustainability requires judgments that
will depend on opinion and background. Opinions and
values about whales, export of nitrogen, introduced
species, heavy metal contamination, and about the in-
trinsic worth of the natural world are not widely shared
by people in different walks of life or different parts
of the world. Disputes about whale harvests, for in-
stance, between first world ‘‘green’’ institutions and
Native American groups are archetypal cases of such
lack of common values. Such disputes raise funda-


mental issues not only about how to define sustained
use of resources, but also about fair access to resources
for people of differing culture and economic status.
Examples of differences in value judgments are com-
mon. Our suburban neighbors, for instance, may place
much higher value on monocultures of resplendent
green lawns than some of us might. Even among en-
vironmentalists there are marked differences in opin-
ion, even about ecological ‘‘apple pie’’ matters such
as the cordgrass Spartina alterniflora. In the east coast
of the United States, cordgrass has been the avatar of
coastal wetland preservation; its ecological functions
in exports of organic matter to deeper water, habitat
protection, utility as nursery and migratory stopovers
for waterfowl, stabilization of sediments, and seques-
tration of land-derived nutrients and contaminants have
been used to argue for many federal, state, and local
laws regarding the conservation of wetlands. In recent
years, S. alterniflora has spread to the coasts of the
Pacific Northwest. There, it has been the cause for
widespread alarm among ecologists, shellfishermen,
coastal managers, boaters, and the public, all of which
fear changes that could be brought about by expansion
of cordgrass. In fact, there are active local campaigns
in many of the affected estuaries to pull up, plow under,
burn, use herbicides, and otherwise eradicate the in-
vader. Thus, in one coast of the United States cordgrass
is considered the key feature underlying the importance
of salt marshes, and in the other a threat to the same
environments. It is apparent that it is going to be dif-
ficult to agree on ‘‘consumptive standards within . . .
bounds of ecological possibility’’ (Lubchenco et al.
1991), when even informed opinion about such well
defined ecological units as whales and marsh grasses
can differ so widely.


The second component of sustainability, avoidance
of degradation of adjoining environments, is also dif-
ficult to define. Although some researchers have ad-
dressed the topic (for example, Shaver et al. 1990, Gi-
blin et al. 1991, Correll et al. 1992, Valiela et al. 1992,
Rabalais et al. 1996), we are quite far from understand-
ing the couplings among adjacent units of land- and
waterscapes. We will lack sufficient information, in the
foreseeable future, to argue that we can evaluate pos-
sible damages to adjacent ecosystems from given hu-
man exploitation of most environments.


Implementation of the idea of sustainability has to
address other powerful non-ecological pressures, in ad-
dition to the difficulties in definition, cultural differ-
ences, and limited information (Goodland 1995, Good-
land and Daly 1996). Management of environments is
not and will not just be based on scientific facts; po-
litical considerations often have greater influence on
decisions. Korten (1992) is not the only one who has
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noticed that ‘‘where ecological reality conflicted with
political feasibility, the latter prevailed.’’ Political pres-
sures are further complicated by economic interests.
We can try to address these issues by expressing eco-
logical issues in economic terms, for example by ‘‘eco-
system valuation’’ (Costanza 1997). This is a practice
that sounds appealing but is fraught with difficulties.
In the first place, to reach a valuation in which we
translate ecological properties into currency terms,
many leaps of faith have to be taken. Some of us lack
the conviction that the available data can support such
a translation. In the second place, we need to realize
that if a price is assigned to any item, it is for sale.
Some decades ago a certain salt marsh acreage in New
Jersey was valued at perhaps U.S. $9000 per acre per
year, by using the best ecological valuations then avail-
able (more recently reviewed in Gosselink et al.
[1990]). It was argued that this would continue in per-
petuity, and hence the acreage was economically as
well as ecologically significant. Unfortunately, a pe-
troleum processing corporation was willing to pay
$200 000 per acre (1 acre 5 0.405 ha), certainly an-
ticipating incomes larger than $9000 per year. The re-
sult was that the sellers, rationally, decided to have
ecological perpetuity take care of itself, and today a
refinery stands on these erstwhile salt marsh acres.


The various difficulties mentioned above have
prompted the suggestion that, given the lack of clear
definition, and incomplete information available,
‘‘there are insults to ecosystems that (we) do not know
how to predict or mitigate . . . (in these cases the)
sensible course of action is to leave the ecosystems
intact . . . for the foreseeable future’’ (Schindler 1987).
This is indeed the reasonable thing to do, but any pe-
rusal of history demonstrates that reasonableness does
not characterize human activities. We will not have the
luxury to leave aside untouched chunks of unexplored
environments; they will be altered, sooner than later.


Alternative operational approaches


We have to develop consensus on how to address
applied ecological problems. The caveats discussed
earlier suggest that the idea of sustainability, as pres-
ently understood, may be difficult to apply. Perhaps it
might be more practical to modify our notion of what
sustained use is, to make the idea operational, and im-
prove chances of implementation. We might simply say
that, at a minimum, the most sustainable—using the
word in the sense of ‘‘cogently arguable’’—strategy
might be to identify management options that reduce
alterations to selected key components of ecological
systems as much as possible. Selection of the com-
ponents should include inputs from the various stake-
holders, and from ecological experts. This would insure
incorporation of the various economic, political, and


cultural imperatives, as well as the main issues in the
environment in question. The aim would be to not only
capture the essential scientific aspects, but also improve
the possibility of actual implementation of policies.


One way to make sustainable management opera-
tional might be to borrow some of the methods of the
risk assessment approach suggested by agencies such
as the United States Environmental Protection Agency
(EPA). Risk assessment is designed to systematically
characterize, assess, and prioritize risks associated with
environmental problems (Graham et al. 1991, EPA
1992a, b, Suter et al. 1993). The approach considers
that there is a certain probability or ‘‘risk’’ that a given
‘‘end point,’’ say a specified percentage change in a
carefully selected ‘‘end point variable’’ might occur, as
a consequence of exposure to the action of a certain
agent of change. Here we use ‘‘agent of change,’’ in-
stead of ‘‘stressors,’’ the term used in risk assessment
vocabulary, because of the intractable tautological dif-
ficulties with the notion of ‘‘stress’’ (Peters 1991). The
endpoint is what the manager, decision maker, or other
stakeholder cares about, or at the very least is a proxy
for what is of concern to them.


As a case history of a minimalist way to deal with
sustainable management, we discuss in the rest of this
paper the issue of estuarine eutrophication created by
increased land-derived nitrogen loads to receiving es-
tuaries. We define critical linkages of end point mea-
sures exposed to action of agents of change. We also
discuss how the process might be followed by assess-
ment of management options.


Importance of eutrophication in shallow estuaries


Reviews of the relative role of various agents that
are altering coastal ecosystems conclude that nutrient-
driven eutrophication is arguably the principal factor
altering coastal waters (GESAMP 1990, NRC 1994,
Goldberg 1995). Billen and Garnier (1997) state the
case: ‘‘Human impact on the coastal zone is mainly
exerted through nutrient delivery (by freshwater), de-
pendent on land use and management of the water-
shed.’’ Billen and Garnier (1997) go on to say: ‘‘The
link between human activity and coastal eutrophication
is not direct, however, because of the complexity of
the processes involved in the retention and elimination
of nutrients during their transfer along the aquatic con-
tinuum from land to sea.’’


To make evident at least a few aspects about the
complexity noted by Billen and Garnier (1997), below
we first introduce data that define the leading issues.
Then we identify how the driving variables alter end
point measures that reflect stakeholder concerns, and
could provide managers with the wherewithal to de-
fine useful end points. In turn, the relationships of
driving variable, end point measure, and end points
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can be used to evaluate the consequences of different
management options available to address the concerns
of stakeholders.


BACKGROUND INFORMATION ON THE WAQUOIT BAY


WATERSHED AND ESTUARIES


We have been studying Waquoit Bay and its water-
shed for several years, and have reported results in
many papers (Valiela et al. 1992, Peckol et al. 1994,
McClelland et al. 1997, Valiela et al. 1997a, Hauxwell
et al. 1998, McClelland and Valiela 1998a, b, Valiela
et al. 2000, and others). Work in Waquoit Bay has been
supported by the National Science Foundation’s Land
Margin Ecosystems Research initiative, by the U.S.
Environmental Protection Agency, and by the National
Oceanic and Atmospheric Administration. Because of
the intensive and comprehensive research results made
available by our research, the National Center for En-
vironmental Assessment of USEPA designated Wa-
quoit Bay as one of five national sites for development
of demonstration of ecological risk assessments.


In the Waquoit Bay estuarine system, the major agent
of change is the rate at which land-derived nitrogen
enters the estuaries. Increased nitrogen loads increase
supplies of nitrogen in the water. The increased loads
and concentrations of nitrogen increase primary pro-
duction, and hence trophically alter the food web. In
the risk assessment we therefore consider land-derived
nitrogen load as the principal, well established agent
of change. We then define phytoplankton, macroalgal,
and eelgrass biomass and production, and shellfish and
fish abundance and growth, as some possible end point
measures to be used in assessing the quantitative re-
lationships leading to risks of depletion of resources.


Nitrogen loads to specific estuaries


In the Waquoit Bay estuarine system we have iden-
tified subwatersheds (Fig. 1, left) that deliver different
rates of land-derived nitrogen loads to receiving es-
tuaries. This regional-scale quasi-experiment has al-
lowed us to make comparisons of the responses of a
variety of components of the estuarine systems to the
different nitrogen loads. The subwatersheds were de-
limited on the basis of particle-track maps (Fig. 1,
right) obtained by use of MODFLOW (McDonald and
Harbaugh 1988), a hydrological model made available
by the United States Geological Survey.


Groundwater is by far the major transport of land-
derived nitrogen to the Waquoit estuarine system (Val-
iela et al. 1992). The unconsolidated glacial sands that
underlie the entire extent of Cape Cod are highly per-
meable (Strahler 1966, Oldale 1992), so that percola-
tion of precipitation into soils is much larger than sur-
face runoff (Valiela et al. 1992).


Using stable nitrogen isotopic ratios we have estab-


lished that the array of external nitrogen sources, and
the land use pattern present on the surface of a given
watershed, impose a characteristic isotopic signature
on the nitrogen in the groundwater that flows into the
estuaries (McClelland et al. 1997, McClelland and Val-
iela 1998a). The characteristic isotopic signature de-
pends principally on the degree to which wastewater
dominates the nitrogen inputs to and through the wa-
tershed. In turn, primary producers, as well as consum-
ers, growing in the specific estuaries acquire the spe-
cific signature characteristic of that specific estuary
(McClelland et al. 1997, McClelland and Valiela
1998a, b). Isotopic signatures thus directly establish
the link between nitrogen that has passed through a
watershed and the nitrogen in the estuarine food web.


We measured the annual rate of nitrogen loading
from land to each receiving estuary by using data on
nitrogen content of groundwater and multiplying by
the annual recharge of groundwater from the subwa-
tershed that delivers freshwater to each estuary.
Groundwater was sampled by piezometers driven by
hand into the soil at the high tide mark along the shores,
at intervals all along the periphery of each estuary.
Sampling took place from 1991 to 1997, and since we
could detect no interannual or seasonal trends, we do
not distinguish data from different years or months in
this paper. Concentrations of nutrients in groundwater
vary greatly; for instance, concentrations of nitrate var-
ied over four orders of magnitude. Many samples are
therefore needed to adequately capture the range of
variation, and over a thousand samples of groundwater
were included in our sampling (Valiela et al. 2000).
The annual nitrogen loads to each estuary calculated
to enter Waquoit estuaries span ;75% of all values
reported by Nixon (1992) for estuaries of the world, a
rather wide range of nitrogen loads.


We also developed NLM, a nitrogen loading model,
to estimate the nitrogen contributed by wastewater, at-
mospheric deposition, and fertilizer use to the Waquoit
Bay watershed and the Bay (Valiela et al. 1997a). We
have also verified estimates of nitrogen loads obtained
by use of NLM by comparison vs. measured nitrogen
loads and stable isotopic data (Valiela et al. 2000). The
comparisons show that the NLM provides reasonable
predictions of nitrogen loads. One function of NLM is
that it is usable by stakeholders that could not possibly
do the extensive research needed to quantify loads em-
pirically. Application of NLM (and its simplified in-
teractive software, NLOAD, designed for use by non-
scientists, and available from the Waquoit Bay National
Estuarine Research Reserve) can provide estimates of
nitrogen loads to shallow estuaries underlain by un-
consolidated sediments, groundwater fed, and whose
watersheds are dominated by forested to suburban land
covers.
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FIG. 1. Watershed and sub-watersheds (whole lines) of Waquoit Bay, Massachusetts, and its estuaries, and recharge areas
within the sub-watersheds (dashed lines) (left). Delimitation of these hydrologic features was done on the basis of particle-
tracking runs of the hydrological model MODFLOW (McDonald and Harbaugh 1988) (right).


Nutrient transport and processing between land and
sea is complex (Billen and Garnier 1997), in part be-
cause the composition of the nitrogenous species ex-
ported from given watersheds to the receiving estuaries
differs. Watersheds not only provide different nitrogen
loads to their receiving estuaries, but there are sub-
stantial differences in the concentrations of nitrate, am-
monium, and dissolved organic nitrogen delivered to
the estuaries (Fig. 2). The relative abundance of the
three types of nitrogen depend on land use on the wa-
tershed. The more forested (or less urbanized) a wa-
tershed, the greater the concentration of dissolved or-


ganic nitrogen, and the smaller the concentration of
nitrate in the groundwater delivered to the estuaries.
Since the three types of nitrogen have quite distinct
ecological and geochemical properties, differences in
land use alter the geochemical properties of the cou-
pling between land and sea, differences that in turn
might determine which components of the receiving
estuary could be most affected by land-derived exports.
Nitrate exports would affect primary producers, but
exports of dissolved organic nitrogen might have minor
effects on the microbial food web if the material is
refractory, or could alter microbial activity in the es-
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FIG. 2. Mean concentrations of nitrate, ammonium, and
dissolved organic nitrogen in groundwater leaving sub-wa-
tersheds of Waquoit Bay with different land use mosaics.
Differences in land use are expressed as the ratio of areas
within the sub-watersheds under residential use divided by
the area under natural vegetation.


FIG. 3. Mean (61 SE) concentrations of nitrate, ammonium, and dissolved organic nitrogen (DON) in groundwater (black
circles), and in estuary water at different salinities (open circles) in three estuaries of Waquoit Bay (Childs River, CR;
Quashnet River, QR; and Sage Lot Pond, SLP). Dashed lines show position of mixing line with groundwater and coastal
water as the end members. Salinity is expressed in parts per thousand on a mass per mass basis.


tuary if the material is labile. This points out, as noted
by Seitzinger and Sanders (1997), that study of the
relative lability of the rather large amounts of dissolved
organic nitrogen in estuarine water is needed.


Nitrogen content of estuary waters


The gradients in concentrations of nitrogen in the
Waquoit estuaries depend on inputs from land as well
as on sinks and sources within the estuaries. Nitrogen
concentrations in groundwater about to enter the Wa-
quoit estuaries differ among estuaries (Fig. 3, black
circles on vertical axes). Mean concentrations of ni-
trate, for example, entering the estuaries via ground-
water were 69 mmol/L in Childs River, 13 mmol/L in
Quashnet River, and 7 mmol/L in Sage Lot Pond (Fig.
3, left column of panels). There were also large dif-
ferences in losses of nitrate at the seepage face (Fig.
3, left column of panels). The concentrations of nitrate
in the upper freshwater reach in the estuaries were con-
siderably lower (28, 6, and 0.8 mmol/L, in Childs,
Quashnet, and Sage Lot Pond, respectively) than those
of the corresponding entering groundwater (Fig. 3,
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FIG. 4. Mean (61 SE) annual concentrations of ammo-
nium, nitrate, and dissolved organic nitrogen in estuary water
from five estuaries of Waquoit Bay, in relation to measured
nitrogen loads from groundwater to receiving estuary.


black circles). This implies significant losses of land-
derived nitrate somewhere between the aquifer and the
point in the upper reaches of estuaries where we sam-
pled water. These losses are a sum of losses that pos-
sibly take place in the seepage face, or in the water
upstream from the point we sampled. Losses during
nutrient spiraling down streams are well-known (New-
bold et al. 1981, Mulholland et al. 1991, Newbold 1992,
Mulholland et al. 2000). In a manuscript in preparation
we review data from different studies and conclude that
losses of nitrogen in streams up-gradient from estuaries
could reach up to 80% of inputs, with a mean loss of
33% of inputs. Losses in seepage faces have not been
measured, but we might expect high activity of deni-
trifiers in an interface alternately dominated by nitrate-
laden groundwater or organic matter-laden estuary wa-
ter twice daily depending on the tide.


To examine these differences we compared ground-
water concentrations with data obtained from a water
column sampling program carried out from 1991 to
1996. Surface and near-bottom water samples were tak-
en from a transect of six stations from mouth to head
of each estuary, in each of three estuaries of Waquoit
Bay, at about monthly intervals. Nitrate, ammonium,
and dissolved organic nitrogen were measured as in the
case of groundwater samples.


In spite of the losses at the seepage face, nitrate
concentrations in Childs and Quashnet Rivers were still
higher in fresher reaches, and decreased in saltier
reaches (Fig. 3, left column of panels). The decreases
were larger than those that might be due to dilution
with nitrate-poor seawater, since points in Fig. 3 (left
column of panels) lie below the dotted line joining the
end member concentrations (groundwater and coastal
waters). This suggests that there were additional in-
estuary losses as nitrate moved down-estuary. What-
ever the mean concentration of nitrate was in water at
the upper reaches, by the time water neared the mouth,
the concentrations of nitrate were low and similar
among the three estuaries. These patterns suggest that
nitrate losses are large in the estuaries, and that there
might be only minor transport of nitrate out of the
estuaries.


Mean concentrations of ammonium (Fig. 3, middle
column of panels) and of dissolved organic nitrogen
(Fig. 3, right column of panels) in groundwater about
to enter the estuaries (black points on vertical axis)
were higher in Sage Lot Pond than in the more urban-
ized estuaries. This follows from the data of Fig. 2,
and reiterates that unlike urbanized watersheds, the
more forested watersheds supply relatively more am-
monium and dissolved organic nitrogen to receiving
estuaries. There were some additional sources of am-
monium and dissolved organic nitrogen that are re-


leased along the estuaries, judging from the position
of points relative to the line that indicates passive mix-
ing of groundwater and coastal waters (Fig. 3, middle
and right columns of panels).


Water column concentrations of nitrate, ammonium,
and dissolved organic nitrogen vary to different de-
grees in the estuaries of Waquoit Bay, spatially (Fig.
3) and seasonally (unpublished data, not shown); our
purpose here is not to document these interesting var-
iations but to see if we can define the quantitative link
between loads and resulting concentrations. Through-
out our work we defined land-derived loads on a per
year basis. To define the relationship between loads
and concentrations in the estuary in a parallel fashion,
we calculated mean annual concentrations (Fig. 4).
Mean annual concentration of nitrate in estuary water
increased as total nitrogen loads from land increased,
concentrations of dissolved organic nitrogen decreased
as loads increased, concentrations of ammonium in the
estuaries did not seem related to nitrogen loading rate,
while concentrations of dissolved organic nitrogen
were apparently inversely related to loading rate. These
differences in relationship to total loads follow from
the finding that differences in land use not only change
nitrogen loads, but also alter composition of nitrogen
delivered to estuaries.


Responses of producers


The response of the three major types of producers
in Waquoit estuaries to mean annual concentrations of
dissolved inorganic nitrogen (nitrate plus ammonium)
differs (Fig. 5). Mean annual biomass and production
by phytoplankton and by macroalgae increased in es-
tuaries with larger mean annual concentrations of dis-
solved inorganic nitrogen. We combined nitrate and
ammonium concentrations in Fig. 5 for simplicity and
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FIG. 5. Biomass (black circles) and production (open cir-
cles) of phytoplankton, macroalgae, and eelgrass in three es-
tuaries of Waquoit Bay (Sage Lot Pond, Quashnet River, and
Childs River, in that order), plotted vs. the mean annual con-
centration of dissolved inorganic nitrogen (DIN) (sum of am-
monium plus nitrate). The designation chl a is chlorophyll a.


because both nitrate and ammonium are readily taken
up by producers. In sharp contrast to the response by
the algae, biomass and production by eelgrass de-
creased sharply as mean annual concentrations of dis-
solved inorganic nitrogen increased.


The responses seen in the three producer types in
Waquoit Bay parallel earlier reports. Nitrogen supply
seems to be the major limiting factor that sets rates of
production by phytoplankton and macroalgae in Wa-
quoit estuaries (Valiela et al. 1992, Peckol et al. 1994,
Tomasky et al. 1999, Valiela et al. 1997b). Eelgrass
seems largely light-limited (Dennison and Alberte
1985, Zimmerman et al. 1987), although this seagrass
is known to be highly sensitive to increases in nitrogen
loads and nitrogen concentrations (Sand-Jensen and
Borum 1991, Duarte 1995). Different mechanisms have
been proposed as responsible for the reduction of eel-
grass exposed to increased nitrogen loads. The mech-
anisms include nitrate toxicity (Burkholder et al. 1992,
Burkholder et al. 1994), and shading by phytoplankton,
epiphytes, and benthic macroalgae (Twilley et al. 1985,


Lapointe et al. 1994, Short and Burdick 1996, Valiela
et al. 1997b, Hauxwell et al., in press).


We discussed the patterns of change in producers in
Valiela et al. (1997b), where we suggest, from a syn-
thesis of Waquoit Bay data, that as nitrogen loads in-
crease, there is a replacement of eelgrass as the dom-
inant producer, by macroalgae and phytoplankton as
dominant producers. We have compiled further ex-
amples for the few shallow estuaries with the needed
information, and find that for estuaries with short mean
water residence times (,3 d) the pattern is consistent
with that from Waquoit estuaries (Fig. 6, top). The
different shaded areas in the Fig. indicate the relative
importance of the three different producer types. As
nitrogen loads increase, the relative importance of sea-
grass production diminishes rapidly, and macroalgal
production becomes most prominent.


The contribution by phytoplankton, surprisingly,
does not increase as fast as might be expected, based
on known nutrient uptake, photosynthetic, and growth
rates rates of phytoplankton vs. those of macrophytes
(Duarte 1995). This relative lack of response of phy-
toplankton to increased nutrient loads might be related
to the short water residence times that are common in
shallow coastal lagoons and estuaries. The mean water
residence times of Waquoit estuaries is ;1–3 d (Fig.
7, black bars). The short water residence times of Wa-
quoit estuaries are actually representative of the most
frequent category of water residence times for shallow
estuaries (Fig. 7, white bars). Shallow estuaries do
range, however, across a wide span of mean water res-
idence times, from ,1 d to .500 d.


The period of time that water spends in Waquoit Bay
estuaries is therefore quite brief, on the same order as
the time period needed for a cell division for most
phytoplankton species (1–3 d; Falkowski 1980, Harris
1984, Olson et al. 1993). Water residence times might
be short enough to prevent the phytoplankton from ful-
ly responding (and hence quickly becoming the dom-
inant producer [Fig. 6, top]) across most of the range
in nitrogen loads entering Waquoit estuaries (Tomasky
et al. 1999). The modest response of phytoplankton
production and biomass to increased nitrogen in es-
tuaries with short residence times might mean that
enough light reaches the estuary floor so that macroal-
gae can proliferate, at the expense of seagrasses, based
on their faster uptake and growth than the seagrasses
(Duarte 1995), which are generally not nitrogen limited
in any case (Dennison and Alberte 1985, Zimmerman
et al. 1987).


The curves of Fig. 5 are part of a family of curves,
applicable to that subset of shallow estuaries with rel-
atively short mean water residence times (Fig. 6, top).
The curves relating our end point measures (phyto-







August 2000 1015MANAGING THE LAND–WATER INTERFACE


FIG. 6. Partition of total primary production in shallow
estuaries into contributions by phytoplankton, macroalgae,
and seagrasses, all plotted in relation to measured annual
land-derived nitrogen load (calculated from Valiela et al.
2000). Waquoit Bay estuaries are shown in black symbols,
other estuaries in open symbols. The dark shaded area rep-
resents the percentage of total production contributed by sea-
grasses, the light shaded area represents the percentage of
total production contributed by macroalgae, and the white
area represents the percentage of total production contributed
by phytoplankton. The lines show the best-fit curves to either
the circles (the percentage of total annual primary production
minus the amount contributed by phytoplankton) or the tri-
angles (percentage of total annual primary production con-
tributed by seagrasses). The top panel includes data for es-
tuaries with mean water residence times equal to or less than
three days (Waquoit estuaries discussed in this paper: But-
termilk Bay [Giblin 1990], Bass Harbor [Kinney and Roman
1998]). The bottom panel includes data for estuaries with
residence times longer than 45 days (Biscayne Bay [Roman
et al. 1983], Barnegat Bay [Kennish and Lutz 1984], Corpus
Christi Bay [Flint 1985], Chincoteague Bay [Boynton et al.
1996], and Tomales Bay [Smith et al. 1991]).


FIG. 7. Compilation of values of reported mean water
residence times for shallow estuaries. Shaded bars show val-
ues for estuaries of Waquoit Bay. Other data: Mashpee River,
Shoestring Bay, and Lower Popponessett Bay (E. M. Eichner,
C. L. Lawrence, B. Smith, T. C. Cambareri, and G. Prahm,
unpublished manuscript), Cape Cod estuaries (Giblin 1990),
Corpus Christi Bay, Sarasota Bay (Smith 1982), Rhode Island
coastal ponds (Lee and Olsen 1985), Biscayne Bay (Lee and
Roth 1976), Great South Bay, Moriches Bay (Ketchum 1951),
Sayville Bay, Shinnecock Pond, Greenport Pond (Vieira and
Chant 1993), Nueces estuary, Guadalupe estuary, Galveston
Bay, Ochlockonee Bay (Zimmerman and Benner 1994), Bar-
negat Bay (Chizmada et al. 1984), Great Bay, NH (Short
1992), Buttermilk Bay (Valiela and Costa 1988), Chinco-
teague Bay (Boynton et al. 1996), Solomons Harbor (Jasinski
et al. 1990), Apalachicola estuary, Pamlico estuary, Mobile
Bay, and Kanehoe Bay (Nixon 1983).


plankton, macroalgal, and seagrass biomass and pro-
duction) to the agent of change (DIN concentrations)
will be somewhat different for estuaries with longer
mean residence times, where phytoplankton may have
more time to grow sufficiently to dominate production


across much of the nitrogen loading range (Fig. 6, bot-
tom). The resulting increased cell density would in-
tercept more of the irradiation, enough to reduce ma-
croalgae and seagrasses from shallow estuaries (Fig. 6,
bottom). Such interlinkages between different producer
types is yet another example of the complex indirect
relationships of concern to Billen and Garnier (1997).
Estuaries with longer water residence times not only
may produce denser phytoplankton populations, but
support smaller macrophyte populations at any nitrogen
loading rates. In estuaries with longer residence times,
the phytoplankton will respond more readily to in-
creases in nitrogen loads, shade the macrophytes, and
likely eliminate them. Further, the phytoplankton
blooms may increase turbidity to undesirable levels. In
such circumstances, management will not only have to
be concerned with losses of seagrasses, but also with
the response of phytoplankton to land-derived loads.
From the distribution of points along the horizontal axis
of Fig. 6 (bottom), it is evident that more data from
estuaries with higher nitrogen loads and longer water
residence times would be desirable to further test our
suppositions.


Responses by consumers


Consumers such as shell and finfish are of interest
to stakeholders, and thus seem to make good candidates
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FIG. 8. Estimates of grazing rates by amphipods and iso-
pods feeding on macroalgae, plotted in relation to the growth
rate of macroalgal biomass in three Waquoit Bay estuaries.
Nitrogen loading rates are shown as numbers above the en-
velope lines surrounding the values. Dashed line shows po-
sition of the line of perfect fit between grazing and growth
rates. Modified from Hauxwell et al. (1998).


for end point measures, but their complex ecological
roles make their incorporation into our protocols some-
what ambiguous. Stable isotopic data demonstrate that
the consumers found in Waquoit Bay estuaries are man-
ifestly linked to the food items in each estuary, and
that these food webs are definable within each estuary
(McClelland et al. 1997, McClelland and Valiela
1998a, b). We can therefore expect that there will be
some degree of coupling of the consumers to the wa-
tersheds of each estuary, but it turns out that it is dif-
ficult to define the form of the response of consumers
to mean annual DIN concentrations or to nitrogen
loads.


Responses of growth, biomass, and production by
different species of consumers vary. For example, as
nitrogen load to the estuaries increase, the growth rates
of ribbed mussels (Geukensia demissa) decreased
(Feinstein et al. 1995), that of quahogs (Mercenaria
mercenaria) did not vary (Chalfoun et al. 1994), but
growth rate of softshell clams (Mya arenaria) increased
(Chalfoun et al. 1994). The two major species of fish
in Waquoit are killifish, Fundulus heteroclitus, and the
silversides, Menidia menidia. Growth of both fish spe-
cies did not vary as nitrogen loads increased, but abun-
dance of killifish, but not of silversides, increased with
nitrogen load (J.D. Tober and I. Valiela, unpublished
manuscript). It is apparent that particularities in the
biology of different species of consumer might inter-
fere with generalizations about the relationship of con-
sumers to nitrogen supply.


Part of the difficulty might be that the responses of
end point measures to agents of change might be com-
plicated in the case of consumers by effects of con-
sumers themselves. Feeding by consumers, for exam-
ple, may control abundance of their foods, and could
thus alter quantitative relationships of not only con-
sumers to producers, but also of producers to nutrients.
Effects that cascade down food webs have been called
top-down controls (Carpenter et al. 1985). One could
conceive of estuaries where benthic suspension feeders
might consume the bulk of the phytoplankton pro-
duced, even if water residence times were long. In such
circumstances, links between nitrogen supply and phy-
toplankton chlorophyll would not be apparent.


We therefore need to better establish the relative im-
pact of top-down controls vs. bottom-up controls (such
as result from increased nitrogen loads) for most eco-
system types. In Waquoit estuaries, for example, the
importance of bottom-up controls increased markedly
as nutrient loads increased (Hauxwell et al. 1998). In
the estuary with relatively low nitrogen loads, rates of
amphipod and isopod grazing on macroalgae generally
were similar to the rates at which macroalgal canopies
grew (Fig. 8): points from the estuary subject to the


lowest loads fluctuate around the 1:1 line. If these re-
sults can be extrapolated to other estuaries, we might
expect that in estuaries with nonurbanized watersheds
grazers might be able to maintain macroalgal popula-
tions within some limits. In the two estuaries with larg-
er loads, the balance between grazing and algal growth
cannot be maintained; the clouds of points slide to the
right of the 1:1 line (Fig. 8). As loads increase, grazers
are increasingly unable to keep up with the increased
biomass of macroalgae, and macroalgal canopies ac-
cumulate. Grazers are therefore less likely to exert con-
trol of macroalgal abundance as nitrogen loads in-
crease. This is an important result, because most studies
that show powerful top-down control have been done
in environments with depauperate nutrient supplies. If
these results can be extrapolated to other estuaries
threatened by enrichment, it may be reasonable to as-
sume that bottom-up effects will be proportionately
more important, and hence, it is reasonable to focus
initially on bottom-up effects for development of a risk
assessment of nitrogen loading.


CONSIDERATIONS FOR RISK ASSESSMENTS


In all cases of environmental management, there are
wide gaps between ecologists, stakeholders, and man-
agers. To bridge these gaps means that compromises
will have to be made on all sides, and all parties need
to be aware that the best science needs to be brought
to bear on the issues, that the plan has to be realistic,
that other-than-ecological criteria will receive atten-
tion, and that the choices about options, and the ulti-
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FIG. 9. Diagram summarizing the suggested procedure by which stakeholder and researcher inputs could be dovetailed
into a scheme that not only assesses risks, but leads to implementation of management plans to control land-derived nitrogen
loads as follows: (1) Stakeholders choose end points (black arrows). (2) Researchers define response of end point measures
to agents of change (black curves) and use the curves to find values of agent of change that correspond to selected end points
(gray arrows). (3) Models are used to identify management options that might allow critical value of agent of change to be
reached. (4) Stakeholders evaluate acceptability of effective management options. (5) A plan is developed to implement
effective, acceptable options.


mate decisions lie with the stakeholders (item 1 in Fig.
9).


It goes without saying that the responsibility of the
ecologist is to bring to bear updated knowledge of
mechanisms, processes, and data (item 2 in Fig. 9), but
ecologists are steeped in many details about natural
systems. It is part of our responsibility to sort out those
salient points that are most likely to quantitatively in-
fluence the problem at hand. In our context, the ecol-
ogists’ role is to define, necessarily in relatively simple
fashion, relationships that link the agent of change to
the response by the end point measure (item 2 in Fig.
9). For many ecologists this demand might uncom-
fortably force a too simplistic formulation. Such a for-
mulation might also not sufficiently incorporate the
spiritual, esthetic, and moral, as well as ecological val-
ues, of the myriad living things that many of us care
deeply about. That is all true, but at the very least, the
approach ensures that the best possible current ecolog-
ical information is part of the process, and that the
elements to be managed are a practical, identifiable
few, with obvious interest to stakeholders.


As an example of the approach, we consider the case
of nutrient loads to shallow estuaries (Fig. 9). It might
be desirable to select end point measures that are read-


ily measured with modest cost, or for which data might
be already available. Estimates of biomass such as
chlorophyll measurements for phytoplankton might
therefore be more convenient than primary production,
which in many cases parallels biomass (Fig. 5). Data
on area of seagrass habitat area (item 2 in Fig. 9) might
be more accessible than data on biomass. Other proxies
could also be useful; percentage area of eelgrass per
estuary, or percentage eelgrass habitat lost, for ex-
ample, may have similar responses to nitrogen loads
as biomass or production (Valiela et al. 1997b), and
could be calculated from existing aerial photographs
(Costa 1988).


In our example we can argue that if stakeholders are
concerned with harvests of shellfish closely dependent
on eelgrass (such as scallops), and with water quality,
then eelgrass acreage might serve as a useful sentinel
end point measure. If concerns include water turbidity,
we suggest that chlorophyll concentrations in water are
a useful proxy. Once desirable or acceptable chloro-
phyll in water, and eelgrass acreage, have been agreed
upon by researchers and stakeholders, research data can
be used to define the relationship of the selected end
point measures vs. nitrogen concentrations (total or
DIN, Fig. 5, for instance, or as in item 2 of Fig. 9). To
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use the language of risk assessment, such plots define
effects of exposure to the agent of change on the end
point measure.


We might add that there are many other criteria that
might be important to managers. One often discussed
is oxygen depletion. This is a most intractable criterion,
because in shallow estuaries and lagoons there are hyp-
oxic events every dawn during the warm months
(D’Avanzo and Kremer 1994). Anoxic events that are
severe enough to result in fish and shellfish kills occur
at much less frequent and unpredictable intervals.
Warm water, and three days of cloudy weather appear
to be needed to create an anoxic event, and even then
these are of local extension (D’Avanzo and Kremer
1994). It is difficult to anticipate such intermittent rare
events because vagaries of weather are too unpredict-
able. Thus, even though anoxic events are an often cited
problem associated with eutrophication resulting from
nitrogen enrichment, we do not consider oxygen de-
pletions here.


We included the scatter of data points in the graphs
representing the relationships of end point measures to
agents of change (Fig. 9) to make an additional point.
Even though the procedure we are suggesting yields a
given land-derived nitrogen load as the management
target, there is substantial uncertainty associated with
that specific load. Elsewhere we suggest, for example,
that the standard error of predictions of land-derived
nitrogen loads from NLM may be 14%, with a standard
deviation of 38% (Valiela et al. 1997a). Such estimates
of uncertainty can be calculated by error propagation
or bootstrap methods, but as a rule of thumb, it is safe
to think that the values we will be dealing with have
to be considered as having approximately a 30% var-
iation. This means that application of this procedure to
establish management goals needs to address suitable
ranges of nitrogen loads. It is fatuous to try to develop
plans to reduce loads by, say, 5 or 10% if we have
estimates of total loads whose uncertainty is ;30% of
the mean. It is also less desirable to apply the methods
to predict load management from small land parcels,
because the model predictions are more precise for
larger land parcels (Valiela et al. 2000). The identifi-
cation of suitable management options should aim at
goals addressing reductions of a magnitude consistent
with the uncertainty of the predictions. We have to add,
however, that this guideline also applies to all other
nitrogen load protocols, and resulting management
schemes, where uncertainties, unlike the case of NLM,
are seldom specified.


The next task is to link the mean annual concentra-
tion of DIN in the estuary to the land use pattern (item
3 in Fig. 9). To do this, we first need appropriate es-
timates of land-derived nitrogen loads. Direct mea-
surements of nitrogen loads as done in Valiela et al.
(2000) and summarized above are too demanding of
resources and effort for most routine management pro-


jects. Instead, it seems practical to apply a verified
nitrogen loading model such as the Waquoit Bay NLM
(Valiela et al. 1997a, Valiela et al. 2000). NLM is ap-
plicable to watersheds underlain by unconsolidated
coarse sediments, and with rural to suburban land cov-
ers. NLM specifies the fate of nitrogen derived from
wet and dry atmospheric, fertilizer, and wastewater
sources of nitrate, ammonium, and organic nitrogen, as
the nitrogen cascades through the soil and vegetation,
vadose zone, and aquifer, on its way to flow through
the land water interface into receiving estuaries. The
nitrogen loading rate predictions produced by NLM
reliably match measured nitrogen loads (Valiela et al.
2000). NLM predictions of nitrogen loads to estuaries
can be related to mean annual nitrogen concentrations
in water (Fig. 4), and in turn, to the response of selected
end point measures (item 2 in Fig. 9).


It would be more economical to merely define the
relationship of the end point measures directly to land
derived nitrogen load. The use of an intermediate step
in which the end point measures are related to nitrogen
in the estuary itself, however, is important because it
not only captures the modifying effect of different wa-
ter residence times in the estuary being considered, but
also incorporates the net effects of other inputs and
transformations (direct atmospheric deposition, deni-
trification, burial, nitrogen fixation, etc.) within the es-
tuary.


The procedure for the assessment (Fig. 9), then,
would be to choose a suitable end point for the selected
end point measures, with inputs from various stake-
holder interests. Such an end point defines the degree
of response by the end point measure (say, percentage
eelgrass loss) that is to be tolerated, desired, or allowed.
Then, we can use NLM to estimate the nitrogen load
needed to achieve that end point. The next task is to
determine if there are any reasonable management op-
tions that could achieve the needed nitrogen loading
rates. We can use NLM simulations to evaluate the
potential effects of application of the several options
from the tool kit of management activities available
(such as, for instance, those in Table 2).


We can do a preliminary screening of options by
examining how the loads of nitrogen from the three
major sources (atmospheric deposition, fertilizer use,
and wastewater disposal), are partitioned as the nitro-
gen passes through various land cover types on the
watershed. Valiela et al. (1997a) developed such a table
for Waquoit Bay. Here we present a similar table for
delivery of nitrogen to the watershed and to the re-
ceiving estuary for the case of Green Pond, another
shallow estuary in Cape Cod (Table 3). While atmo-
spheric deposition is the principal nitrogen source to
the watershed, within-watershed losses are such that
wastewater becomes the major source of nitrogen to
the estuary (compare the columns of percentages in the
second and fifth columns of numbers). This result sug-
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TABLE 2. Management options available to reduce land-de-
rived nitrogen loads from watersheds, and sources of ni-
trogen that they might affect.


Management options


Nitrogen from:


Waste-
water Fertilizer


Atmo-
spheric


deposition


On-site treatment
Sewerage
Turf management
Fertilizer management


X
X


X
X


Green space requirement
Zoning limits
Wetland conservation
Runoff interception


†
X
X


†
X
X


X
X
X
X


† Indirectly restricts wastewater and fertilizer nitrogen in-
puts.


TABLE 3. Partition of nitrogen loads from atmospheric deposition, fertilizer use, and wastewater, through various land covers,
to the watershed of Green Pond, Massachusetts, USA: losses within the watershed and inputs from the watershed to the
estuary.


Nitrogen source


Input to watershed


(kg/yr) (%)
Loss within


watershed (%)


Input to Green Pond


(kg/yr) (%)


Atmospheric deposition
Natural vegetation
Turf
Agricultural fields
Roofs, driveways


12 797
8292
2838


179
410


39
26


9
1
1


89
91
90
91
91


1375
705
273


15
36


21
11


4
0
0


Roads
Ponds


Fertilizer use
Lawns
Golf courses


852
226


9499
2272
4988


3
1


29
7


15


71
56
83
84
84


246
100


1575
355
780


4
1


25
6


12
Cranberry bogs
Other agricultural


Wastewater disposal
Septic systems


Total


614
1625


10 139
10 139
32 435


2
5


31
31


100


70
84
66
66
80


186
254


3495
3495
6445


3
4


54
54


100


Note: Data are from Kroeger et al. (1999).


gests that preservation of green space is an important
feature that prevents atmospheric nitrogen from reach-
ing estuarine water, and does not also provide attendant
inputs from fertilizers and wastewater. The results also
suggest that in this watershed diversion of surface run-
off from impervious surfaces (roofs, driveways, roads)
is likely to provide negligible reductions of nitrogen
loads. Fertilizer use in this watershed provides modest
contributions to total loads, with golf courses being the
major source. Wastewater inputs provide the major con-
tribution to loads. Thus, even a cursory examination
of the partitioned nitrogen loads can provide initial
guidance as to what might be the potentially more and
less effective management actions.


Once we have identified the major sources of the
problem, such as wastewater inputs in Green Pond, we
can further use NLM to do simulations as to the relative
effectiveness of specific management options. For ex-
ample, we might ask what would be the effect of ret-
rofitting all buildings in the watershed with septic sys-


tems that retain nitrogen at a given efficiency. This
would identify what nitrogen retention efficiency
would be necessary to achieve the ‘‘desired’’ nitrogen
loading rate to Green Pond. Most likely, a mix of dif-
ferent options will be necessary to attain the chosen
goal, for instance, retrofitting all buildings within 200
m of the shore with septic systems with a given nitrogen
retention, requiring all new buildings to use such sys-
tems, lowering fertilizer dosages to be within certain
limits, and so on.


The approach we suggest may be applied for eval-
uation of site-specific decisions about construction of
a single dock, and also upscaling to make decisions
about larger regional spatial scales. In our discussion
we have concentrated on decision making on whole-
watershed scales, but the purview of different boards,
authorities, and commissions can range from authoriz-
ing construction of a single dock to establishing policy
at regional scales. There is no reason, however, why
the approach cannot be applied to a hierarchy of de-
cision making in which each rung (or appropriate spa-
tial scale) in the hierarchy involves the interactive work
of scientist and stakeholder we described above.


Models such as NLM can also be used for a number
of other management purposes. NLM can predict land-
derived nitrogen loads at some future build-out sce-
nario; comparisons of such future loads can then be
considered relative to present loads to estimate future
changes. Model predictions can also be projected back
in time to ascertain what loads were being delivered
to estuaries at some time when, for example, eelgrass
was still widely present in the estuary in question.
These recreated nitrogen loads could then be used as
guidelines for regulation of nitrogen loads. While these
guidelines are not warranties of success, they do in-
corporate updated scientific research in a rational, de-
fined way into development of environmental manage-
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ment programs, and involve not only scientists but oth-
er relevant stakeholders.


Whatever else is done, the best current science needs
to inform the process of assessment, and, just as im-
portant, the end points have to be understandable to
stakeholders, and be something that the stakeholders
care about, and so might act upon (items 4 and 5 in
Fig. 9). Such choices make it perhaps more likely that
political action might result from an examination of
management options, and that the actions taken might
indeed result in sustained use of coastal estuaries with
damaging effects held to a feasible minimum.


The approach we outlined brings environmental in-
formation to bear on planning and public interest de-
cisions. We can anticipate, though that the transfer will
be hampered by nonscientific issues. We have found
that first, there is need for intensive efforts to educate
public opinion. There is undoubted new public aware-
ness of ecological issues, but reasonable transfer of
ecological information to policy is made difficult be-
cause it is easier to act on the factoids and beliefs rather
than take the time to understand the often complicated
underlying concepts. One homely example of this is
the ‘‘common knowledge’’ that eradication of water-
fowl as the solution to eutrophication of coastal waters;
this matter has been raised in every meeting we have
had with the public about nutrient enrichment across
many years. It is difficult, apparently, to understand
that the amounts of nutrients passing through waterfowl
are usually small relative to nutrients contributed by
other sources, and second, that the nutrients passing
through waterfowl are largely recycled nutrients al-
ready in the system (Valiela and Costa 1988, Valiela
et al. 1997a).


There can also be resistance to new approaches from
the manager and monitoring community, many of
whom are committed to doing things in a certain way,
and have relied on their approaches for long periods
of time. There is no better example of this reluctance
than the continued use by the management community
of fecal coliform counts as the way to assess wastewater
presence in natural waters, in spite of the many studies
that suggest the method is thoroughly flawed (LaBelle
et al. 1980, Valiela et al. 1991, Wyer et al. 1995). It is
easy to understand the reluctance, because in suggest-
ing new approaches we are asking people to change
long held positions, for which they have obtained not
only career recognition, but also legal acceptance, often
after long political and juridical wranglings. Aspects
other than scientific reasons thus take precedence in
many cases. In the instance of fecal coliform counts,
the usual managers’ reply that ‘‘there are no other ways
available’’ is no longer true in view of recent technical
advances in molecular identification of specific DNA
and RNA.


It should not be surprising, therefore, that the slow
pace of public education, and resistance by some in the


monitoring and management community, can lead to
long delays before new scientific findings, no matter
how substantive, make their way to application in pol-
icy. In our case, since developing NLM we have had
the opportunity to apply the approach to aid decisions
about the effects of saving green space in Long Island
and estimate loads and identify management options
for restoration in some coastal lagoons in Cape Cod
and Nantucket. The approach has been applied by oth-
ers elsewhere, but nonetheless, explaining advantages,
rationale, and making the method accessible to stake-
holders is slow, and has demanded continuing effort.
Any application of new findings demands that envi-
ronmental scientists themselves sustain concerted ef-
forts to overcome the obstacles. The dedicated and con-
certed public outreach work by W. T. Edmondson and
colleagues to eventually divert wastewater from Lake
Washington is one successful example that comes to
mind (Edmondson 1985). The success in Lake Wash-
ington, and in other similar cases of restoration such
as in Canadian lakes (Schindler 1974), and Kanehoe
Bay (Smith et al. 1981) in managing loads to restore
eutrophied aquatic systems, make evident that it is pos-
sible to make progress. Despite the obstacles, we need
to make continued efforts to address the issues with
the best possible scientific information, and with
awareness that there are also other real constraints on
scientists, managers, and the public.
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